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A B S T R A C T   

The presence of unidentified organofluorine compounds (UOF) has been investigated in recent publication, but 
their environmental occurrence is still poorly understood. Fluorine mass balance analysis was performed on 
environmental samples from lake Mjøsa and river Alna (surface water (n = 9), sediment (n = 5) and fish liver (n 
= 4)) and sewage samples from Oslo (n = 5), to reveal to the fraction of UOF. In samples that had extractable 
organofluorine (EOF) concentrations above the limit of detection (LoD), more than 70% of their EOF could not be 
accounted for by the 37 PFAS monitored in this study. The surface water samples from lake Mjøsa had EOF 
concentrations several times higher than what has been reported elsewhere in Nordic nations. The flux of EOF in 
river Alna and selected sewage pipes revealed that it was 1-2 orders of magnitude higher than the flux of the 
measured PFAS. The elevated concentrations of EOF in all samples pose a potential health and environmental 
hazard, as their composition remains mostly unknown.   

1. Introduction 

Fluorine mass balance analysis has risen as a prospective technique 
for tackling the challenge of per- and polyfluoroalkyl substance (PFAS) 
analysis by combining target PFAS and extractable organofluorine (EOF) 
data. The reason for this is due to the large number of PFAS being used 
for various applications (Buck et al., 2011), with OECD identifying more 
than >5000 CAS numbers corresponding to PFAS (Toward A New 
Comprehensive Global Database Of Per- And Polyfluoroalkyl Substances 
(PFASs), 2018), while routine target analyses in national environmental 
monitoring programs often include only the most commonly used and 
identified, usually the C4–C15 perfluorinated carboxylic acids (PFCAs) 
and C4–C10 perfluorinated sulfonic acids (PFSAs) (US EPA, 2015; Apler 
and Josefsson, 2016). To better understand the total amount of PFAS in 
environmental samples, analyses of EOF content may serve as an 
important metric alongside target analysis, total oxidizable precursor 
assay and non-target analysis. This method was first applied to human 
blood and water samples by Miyake et al. (Miyake et al., 2007a; Miyake 
et al., 2007b), and has been adopted for a range of environmental 
samples such as invertebrates (Koch et al., 2019), sediment (Yeung et al., 
2013; Codling et al., 2014), surface water (Koch et al., 2019; D’Agostino 
and Mabury, 2017) and marine mammals (Spaan et al., 2020). These 

results have demonstrated that traditional target PFAS analysis is 
overlooking a significant portion of the organofluorines, both in human 
and environmental samples (Yeung and Mabury, 2016; Kärrman et al., 
2019; Miaz et al., 2020). 

Combustion ion chromatography (CIC) is an analytical apparatus 
employed in EOF analysis, but this instrument measures the total fluo
rine content in a sample, indiscriminate of its type. Therefore, it is up to 
the analyst to design an extraction method to remove or avoid co- 
extraction of inorganic fluoride (IF) since its levels can be an order of 
magnitude higher than that of PFAS in environmental samples (Yeung 
et al., 2008). As an example, IF in sea water off the coast of Japan were 
shown to be 79.6 mg/L, while target PFAS was in the range of 1 ng/L 
(Miyake et al., 2007a), in other matrices the difference between IF and 
EOF can be several orders of magnitude (Spaan et al., 2020). Bear in 
mind that the analysis of EOF using CIC does not provide any structural 
information on the species of organofluorines in the sample, unless 
achieved by sample preparation (e.g. separating the compounds into 
groups such as anionic and neutral fractions). On the other side, it is 
impossible to include all registered PFAS in an analytical workflow, as of 
2018 almost 5000 PFAS related compounds had a CAS number (Toward 
A New Comprehensive Global Database Of Per- And Polyfluoroalkyl 
Substances (PFASs), 2018). The analytical picture is further complicated 
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by degradation products, studies have shown that only a fraction of a 
precursor compound degrades to readily measurable perfluoroalkyl 
acids (PFAAs) (Wang et al., 2011; Liu et al., 2010), meaning that the 
majority of the precursor is transformed into various degradation in
termediates. By subtracting the amount of fluorine accounted for by the 
measured PFAS from the EOF concentration, it is possible to elucidate 
the fraction of unidentified organofluorines (UOF). In addition to EOF, 
methods such as total oxidizable precursor (TOP) assay (Houtz and 
Sedlak, 2012) and non-target screening (NTA) (Rotander et al., 2015) 
are used to gain additional information about the PFAS contamination 
and they have been combined with EOF and target analyses to obtain a 
more comprehensive picture of the contamination profile. However, 
these methods come with their own limitations, TOP assay assumes that 
the unidentified compounds can oxidize to measurable PFAAs (Houtz 
and Sedlak, 2012) and NTA provides only semi-quantitative results, 
which can lead to underestimation of the organofluorine content 
(Dubocq et al., 2020). 

The UOF fraction can be assumed to be of anthropogenic origin, since 
the number and amount of naturally occurring compounds with a C–F 
bond is miniscule (O’Hagan and Harper, 1999) in comparison to the 
number of PFAS. As the commonly monitored PFAS account for only a 
few percent of the potential analytes, it is important to assess the levels 
of UOF since PFAS have been already linked to adverse health effects (e. 
g. immunotoxicity (Liu et al., 2010; Houtz and Sedlak, 2012)) the po
tential health risk from the unidentified compounds cannot be ignored 
until their safety is proven. 

Fluorine mass balance analysis can be used to identify pollution 
hotspots, as it does not require prior knowledge of the pollutants to 
measure them. A recent study from Germany found perfluorooctanoic 
acid (PFOA) replacement product levels, both 3H-perfluoro-3-[(3- 
methoxy-propoxy)propanoic acid] (ADONA) and hexafluoropropylene 
oxide dimer acid (HFPO-DA, also known as GenX), 10–100 times higher 
than that of PFOA in River Alz (Joerss et al., 2020). Similar situation has 
been reported earlier in River Cape Fear in the United States as well (Sun 
et al., 2016). This finding prompts the question about other possible 
PFOA replacement products. Including fluorine mass balance analysis in 
such a study would also show if this “novel” pollutant is the only culprit 
or whether there are additional fluorinated contaminants. 

The aim of this study was to follow up on previous research on PFAS 
and EOF in the Norwegian environment (Kärrman et al., 2019) and to 
gain an insight into the types of data that can be generated using the 
fluorine mass balance approach. Two locations (River Alna and Lake 
Mjøsa) were chosen based on the contamination record from a previous 
study, historical or current industrial activity, and differences in popu
lation density. River Alna flows through an urban industrial area and 
Lake Mjøsa has a history of brominated flame retardant, mercury and 
siloxane pollution (Fjeld et al., 2015). Different matrices (surface water, 
sediment and fish) were sampled to obtain a better picture of where the 
contamination occurred. Sample from River Alna were taken during 
both rainfall and dry conditions to see whether additional PFAS were 
washed into the environment from the urban area. These results are 
intended to inform and guide more detailed future studies on the 
prevalence of PFAS and EOF contamination in Norway and elsewhere. A 
total of 37 PFAS were measured, including PFAAs, some of their pre
cursors, perfluorooctane sulfonic acid (PFOS) replacement products 6:2 
and 8:2 chlorinated polyfluorinated ether sulfonic acid (PFESA) and 
perfluoroethylcyclohexane sulfonic acid (PFECHS). 

2. Materials and methods 

2.1. Chemicals 

Most isotope labelled internal standards (IS) and native (12C) stan
dards were purchased from Wellington Laboratories (Guelph, Canada). 
The exceptions were: trifluoroacetic acid (TFA; from Merck KGaA; 

Darmstadt, Germany) and perfluoropropanoic acid (PFPrA; from 
Sigma-Aldrich). Further details on suppliers of solvents and chemicals 
are given in SI 1. 

2.2. Sample collection 

Two sites were chosen: River Alna in Oslo and Lake Mjøsa 60 km 
north of Oslo (Fig. 1 and section 2 in the SI). These sites were chosen due 
to known contamination issues. Additional considerations were access 
to the sampling sites and their proximity to potential sources. River Alna 
flows through an industrial area in Oslo (see Fig. S2 in the SI), where 
there are several companies related to vehicle reparation and sales, in
dustries (recycling, logistics terminals) and also highly populated areas 
before reaching Oslo Fjord. Samples from River Alna were collected 
during rainfall and dry conditions to see whether additional PFAS were 
washed into the environment during rainfall. Lake Mjøsa also has a re
cord of industrial activity and related pollution such as the flame 
retardant group polybrominated diphenyl ethers (PBDEs) as well as 
sewage, which may be a source of siloxanes (Fjeld et al., 2015). Earlier 
Norwegian monitoring programmes have revealed higher concentra
tions of PFOA in Mjøsa compared to other south-Norwegian lakes 
(Herzke, 2013). Samples were collected following the guidelines from 
the Convention for the Protection of the Marine Environment of the 
North-East Atlantic (OSPAR) (CEMP, 1999). As the surface water sam
ples were stored at +4 ◦C, some precursors might have degraded before 
analysis (Woudneh et al., 2019), which is a limitation of the study. 

The surface water samples from River Alna (Fig. 1) were collected as 
time-integrated composite samples using Avalanche ® (Teledyne ISCO; 
NE, United States) automatic samplers (additional details in SI section 
2.2 and Fig. S2). After sampling using the Avalanche ® samplers, sub
samples were immediately taken into 1 L PE bottles and sent to Örebro 
for analysis. These time-integrated composite samples were taken at two 
sites between June and August 2018: Brubak (SW-A-1 and -2) and 
Kværnerbyen (samples SW-A-3 to 6). The river flow at Brubak was 
roughly estimated from the measured level in the river using an ISCO 
2150 flow meter. River flow data at Kværnerbyen was supplied by the 
Water and Sanitation agency (VAV). Samples were collected during 
heavy rain, denoted by a “-W” suffix, and during dry weather conditions, 
denoted by a “-D” suffix. Precipitation and river flow data is presented in 
the SI, Table S1. Composite river sediment samples were collected at 
Brubak and Kværnerbyen using a small sediment core sampler (addi
tional details in SI 2.2). The top 2 cm of the sediment layer were 
sampled, these composite samples were collected into glass jars, covered 
with baked aluminum foil and in turn sealed with a lid. 

All raw sewage samples were collected (from sewage pipelines be
tween the sources and the local treatment plant) as time-integrated 
composite samples using ISCO 6700 automatic samplers and ISCO 
2150 flow meters were used to measure the flow during sampling 
(additional details in SI 2.2, Fig. S2 and Table S1). The raw sewage 
samples were collected from two locations (a residential site and an 
industrial site) at the same time as the surface water samples: between 
June and August 2018. No fish were present at the sampling sites along 
River Alna, thus no biota samples were available for this site. 

Surface water samples from Lake Mjøsa (Fig. 1) were collected in 
polyethylene (PE) 1 L bottles at a depth of 0–20 cm from the surface, 
which were rinsed twice with local water before taking the samples. The 
sampling described in more detail in SI 2.1. Sediment samples were 
collected at the same sites as the water samples. Approximately 100 g of 
top layer of sediments (0–10 cm) were collected using a small van Veen 
grab sampler in the littoral zone (0–50 cm depth). The sediment samples 
were collected in glass jars with baked aluminum foil underneath the lid. 
Perch (Perca fluviatilis) were caught using bottom nets at a depth of 25 m 
in Lake Mjøsa. Fig. S1 in the SI presents in more detail where the samples 
were collected from Lake Mjøsa. The fish were untangled from the net 
using disposable gloves, immediately wrapped in baked aluminum foil 
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and kept frozen upon shipment to the laboratory. The sample from Lake 
Mjøsa were collected in August 2018. 

2.3. Sample preparation 

All samples were extracted in duplicates, where replicate 1 was 
spiked with isotopically labelled IS (1 ng–5 ng); it was used for target 
PFAS analysis. Replicate 2 was extracted without adding any IS and used 
for EOF analysis because IS also contributed to EOF in the sample. To 
calculate the amount of fluorine originating from the target analytes for 
the fluorine mass balance, a subsample from the replicate 2 extract was 
analyzed for its PFAS content. The PFAS content was then converted to 
fluorine equivalents (e.g. from ng/L PFAS to ng/L F) using formula 
presented in SI. The repeatability of the extraction was verified by 
comparing the measured PFAS content between the two replicates 
(without recovery correction from the replicate 1 values), the average 
difference between the L-PFOS and PFOA content in the two replicates 
was below 20%. A schematic representation of the workflow is given in 
SI 3, Fig. S3. 

The surface and sewage water samples were extracted with a solid 
phase extraction (SPE) method adapted with changes from (Eriksson 
et al., 2017) and (ISO, 2009). In brief, subsamples of 200 mL were 
extracted with Oasis (Waters Corporation, Milford, MA, U.S.) WAX 
cartridges (6 mL, 150 mg sorbent, 30 μm particle size). Firstly, the SPE 
cartridges were conditioned: 4 mL of methanol (MeOH) with 0.1% 
NH₄OH, 4 mL MeOH and 4 mL MilliQ water. After the samples were 
completely loaded onto the cartridge, a washing step was employed to 
remote IF. This is an important step to ensure IF will not conflate the EOF 
measurement. The replicate 2 subsamples (used for EOF analysis) were 
washed with 20 mL of 0.01% NH₄OH in water. The next step was to wash 
all cartridges with 4 mL or 10 mL of MilliQ water (replicates 1 and 2 
respectively), 4 mL of 25 mmol/L ammonium acetate buffer at pH 4 in 
water and 4 mL 20% MeOH solution. Thereafter, the cartridges were 
dried under vacuum for 30 min and eluted with 4 mL MeOH (fraction of 
neutral, zwitterionic, basic and cationic compounds, later abbreviated as 
neutral fraction (D’Agostino and Mabury, 2017)) and 4 mL 0.1% NH₄OH 
in MeOH (anionic compounds, later as anionic fraction). These extracts 

were evaporated to a final volume of 0.5 mL. The target PFAS were 
analyzed only in the anionic fraction, EOF was measured in neutral and 
anionic fractions separately. Suitability of the method for EOF extraction 
has been demonstrated by Kaiser et al. (Kaiser et al., 2020). 

Subsamples of fish liver (approximately 0.16 g) and sediment 
(approximately 1 g) were extracted with a method adapted from Yoo 
et al. (Yoo et al., 2009). The fish were dissected with washed and baked 
utensils, the liver samples were cut into small pieces prior to homoge
nization using an ULTRA TURRAX ® tube drive system. The sediment 
samples were first freeze-dried and then subjected to alkaline digestion, 
soaked in 0.4 mL of 0.2 mol/L NaOH in MeOH for 30 min and the excess 
alkali were neutralized by adding 80 μL of 1 M HCl at the end. These 
sediment samples were then extracted with 2 mL of MeOH by ultra
sonication for 15 min and this step was repeated once again after 
removing the supernatant from the first cycle and both MeOH extracts 
were combined for respective samples. The MeOH extracts from sedi
ment samples and fish liver (wet) samples were then extracted with ion 
pair extraction (IPE), 5 mL of methyl tert-butyl ether (MTBE) and 2 mL of 
0.5 mol/L tetrabutyl-ammonium sulfate (TBA) in water were added to 
each sample and shaken for 15 min (600 rpm, YellowLine OS 2 basic, 
IKA; Staufen, Germany), followed by centrifugation (8000 g for 10 min, 
Sigma 3–16L, Sigma Laborzentrifugen; Osterode am Harz, Germany). 
The extraction was repeated two more times using 3 mL of MTBE, after 
removing the organic solvent layer. The MTBE extracts from all three 
cycles were combined for respective samples, evaporated to 0.2 mL and 
reconstituted to 1.0 mL with MeOH. These MeOH extracts were evap
orated to 0.5 mL. Suitability of the method for EOF extraction has been 
demonstrated by Miyake et al. (Miyake et al., 2007b). 

The passive sampler method was based on the method published 
Baz-Lomba et al. (2017) and the results in this work for the passive 
samplers are reported as ng per mL of sample extract. In brief, the 
passive samplers were exposed for 10 days, after which the sorbent 
material was transferred into an empty SPE cartridge. These were 
washed twice with 6 mL of MilliQ water, followed by: 4 mL of MeOH 
with 1% NH₄OH, 4 mL of MeOH and 4 mL of MeOH with 1% of formic 
acid. The combined extract of 12 mL was evaporated under nitrogen 
flow to 0.1 mL and reconstituted to 1 mL with MeOH. 

Fig. 1. Location of the sampling sites in Norway and the number of samples collected for this study. Modified from Norgeskart (https://www.norgeskart.no/).  
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2.4. Instrumental analysis 
2.4.1. EOF analysis 

EOF content was analyzed by CIC. This system had a combustion 
module and an autosampler (both from Analytik Jena, Germany), an 
absorber module (920 Absorber Module) and an ion chromatograph (IC; 
930 Compact IC Flex), both from Metrohm, Switzerland. A schematic 
representation of the CIC apparatus is presented in SI 4 (Fig. S4). The 
anions were separated with an ion exchange column (Metrosep A Supp 
5–150/4), carbonate buffer (64 mmol/L sodium carbonate and 20 
mmol/L sodium bicarbonate) as eluent and isocratic elution. The auto
sampler injected 100 μL of the extract from replicate 2 on a quartz boat. 
The boat was inserted into the oven (1000–1050 ◦C), the hydrogen 
fluoride (HF) formed during combustion was absorbed in MilliQ water 
(in the absorber module). Once the combustion was complete, a 2 mL 
subsample of the absorber solution was injected onto the ion chro
matograph by a trap column. The F‾ concentration was measured via 
conductivity. 

2.4.2. Target PFAS analysis 
A total of 37 PFAS were included in PFAS analysis: C2–C3 per

fluoroalkyl acids (ultra-short chain PFCAs), C 4-C7 PFCAs (short chain 
PFCAs), C8–C14, C16, C18 PFCAs (long chain PFCAs), C2–C3 per
fluoroalkyl sulfonic acids (ultra-short chain PFSAs), C4–C5 PFSAs (short 
chain PFSAs), C6–C10, C12 PFSAs (long chain PFSAs), PFCA precursors 
and intermediates (fluorotelomer phosphate diesters (diPAPs), fluo
rotelomer sulfonic acids (FTSAs)), PFSA precursors and intermediates 
(perfluoroalkyl sulfonamidoacetic acids (FOSAAs)), Cl-PFESAs and 
PFECHS. Because the ultra-short chain PFCA analysis was qualitative 
due to the lack of suitable internal standards; their levels were only 
included in the fluorine mass balance and sum PFAS profiles in section 
3.2 are presented as a sum of 35 PFAS (

∑
35PFAS). A full list of target 

analytes and their abbreviations are provided in SI 5, Table S2). 
Ultra performance liquid chromatography electrospray ionization 

tandem mass spectrometry (UPLC-ESI-MS/MS) in negative mode was 
used to analyze most compounds. The chromatograph was an Acquity 
UPLC with a C18 BEH column (2.1 mm × 100 mm, 1.7 μm) with XEVO 
TQ-S MS/MS as the detector. The mobile phases were MeOH and 30:70 
MeOH:water mixture, both with 2 mmol/L ammonium acetate and 5 
mmol/L 1-methylpiperidine as additives; the column was kept at 50 ◦C. 
Further details on the UPLC method are also given in SI 6, Fig. S5. Ultra- 
short chain compounds (C2–C3) were separated by a supercritical fluid 
chromatography system (SFC, also known as UPC 2-ultra performance 
convergence chromatograph), the detector was a Waters XEVO TQ-S 
MS/MS detector. The SFC mobile phases were CO₂ and MeOH (with 
0.1% NH₄OH as an additive), the analytical column (3.0 mm × 150 mm, 
1.7 μm DIOL) was kept at 35 ◦C. More details on the SFC method are 
given in SI 6, Fig. S6. All chromatographs, analytical columns and mass 
spectrometers were from Waters Corporation, Milford, MA, U.S. 

Native and isotope labelled IS were used to quantify the analytes, 
Table S3 in SI 7 presents which IS was used for each target analyte. The 
analyte concentrations were recovery-corrected using isotope dilution. 
If a corresponding IS was missing, the IS of the same compound group 
with the closest retention time was used. Multiple reaction monitoring 
(MRM) was used and at least two transitions were monitored for the 
majority of analytes, the transitions are presented in SI7, Table S3. With 
the exception of PFOS only linear isomers were quantified. 

2.5. Quality assurance/quality control 
2.5.1. EOF measurement and mass balance 

The CIC system used an external five-point calibration curve to 
calculate the amount of fluoride. The calibration samples were made 
from a PFOS potassium salt and analyzed along with the environmental 
samples and the calibration curve had a correlation coefficient R2 >

0.99. The calibration range was 50–1000 ng/mL F in the sample extract 
injected onto the CIC. 

The analysis of samples was started when the relative standard de
viation (RSD) of three sequential combustion blanks (empty sample boat 
analysis) was below 5%. An additional combustion blank was run after 
every sample to monitor for carry-over. The combustion blank response 
(average of combustion blanks before and after the sample) was sub
tracted from the sample responses, before further data processing. 

A PFOS standard (100 ng/mL F), was analyzed after every 10 in
jections. The average measurement result was 87.0 ng/mL F, with a 
standard deviation of 13.3 ng/mL F. Each extraction batch included a 
dedicated procedural blank for EOF analysis which was used to estimate 
the limit of detection (LoD). 

The LoD for EOF analysis was calculated separately for all sample 
types and it was determined as the average procedural blank concen
tration plus three times the standard deviation of the procedural blanks. 
The LoD covers both the sample extraction step and the instrumental 
analysis (thus equal to method detection limit, MDL). The LoD for the 
different sample types were as follows: surface water neutral fraction – 
36 ng/L F, surface water anionic fraction – 40 ng/L F, passive sample 
extracts – 119 ng/mL F, sediment – 22 ng/g F w.w., fish liver – 88–145 
ng/g F w.w. (depending on sample size). 

2.5.2. Target PFAS analysis 
A mixture of target analytes was analyzed after every 10 injections 

to monitor instrumental performance. This standard sample was 
prepared with every batch of samples and had to be within ±20% of 
the calibration curve. Calibration curves had eight points and ranged 
from 0.02 to 60 ng/mL. Further details on the calibration range of 
individual compounds are given in SI 8, Table S4. All results below the 
limit of quantification (LoQ) were replaced with zero during further 
calculations. 

The LoD was calculated as the average concentration in the proce
dural blanks plus three times the standard deviation of the procedural 
blanks. Both LoD and the limit of quantification (LoQ) were calculated 
for the whole analytical procedure (from sample preparation to instru
mental analysis. The LoQ was calculated as the average concentration in 
the procedural blanks plus 10 times their standard deviation. If an an
alyte was not detected in the procedural blanks, the lowest calibration 
curve point was used as the LoQ. When at least two product ions were 
available, the results were only reported if both were detected and their 
ratio was within 50% of the expected value (from standard samples). 
The recovery for a given IS in each sample, calculated by mass labelled 
recovery standards (RS) added prior injection, had to be between 20% 
and 150%. The recoveries of the IS have been provided in the SI, 
Table S5 and S6. 

A procedural blank of MilliQ water was included in each extraction 
batch to monitor for contamination. No detectable contaminations were 
observed for target PFAS. As a quality control (QC) sample for SPE ex
tractions, a MilliQ water sample spiked with native PFAS was used. The 
RSD of these QC samples (n = 7) was below 15% for all of the 11 PFAS 
included by the Swedish Food Agency for monitoring in drinking water 
(SI 9, Table S8). A single field blank from River Alna was also analyzed 
and no detectable levels of target analytes were found. However, a blank 
sample was not available for the Avalanche ® sampling system. The IPE 
method performance was monitored with dry domestic sludge, SRM 
2781 (NIST, USA), the results (n = 2) were in good agreement with the 
values stated in the certificate of analysis, with the exception of per
fluoroheptanoic acid (PFHpA, SI 9, Table S7). 

3. Results 

3.1. Extractable organic fluorine 

Detectable levels of EOF were measured in samples from Lake Mjøsa, 
River Alna and sewage water samples from Oslo. Of these samples, EOF 
was above the LoD in 58% of samples from Lake Mjøsa and in all River 
Alna and sewage samples from Oslo. To estimate the levels of UOF 
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compounds, fluorine mass balance analysis was performed on the sam
ples that had EOF levels above LoD. The concentrations of individual 
PFAS (from replicate 1) and EOF (replicate 2) can be found in SI 10, 
Tables S7-S10. 

3.1.1. Surface water grab sample fluorine mass balance analysis 
The EOF levels were measured in both the neutral and anionic 

fractions of the surface water grab samples (active sampling) separately. 
EOF was divided into neutral UOF, anionic UOF and identified EOF. 
Target analytes were measured only in the anionic fraction, the amount 
of fluorine accounted for by the target PFAS was subtracted from the 
anionic EOF. One of the surface water grab samples from Lake Mjøsa had 
EOF levels below LoD and this sample was excluded from further data 
analysis. The EOF profiles and the 

∑
EOF levels (anion + neutral) are 

shown in Fig. 2. The concentrations of EOF in individual samples are 
also given in SI 10, Table S9. 

In brief, the target analytes accounted for 0.2% of the 
∑

EOF, in Lake 
Mjøsa samples. The anionic UOF was the largest fraction, on average 
accounting for 76.8% of the 

∑
EOF. The remaining 23.0% of 

∑
EOF was 

attributable to neutral UOF. The identified EOF fraction was larger in 
River Alna samples, ranging from 0.8 to 2.9% of 

∑
EOF (average of 

1.6%). The neutral UOF accounted for 58% of 
∑

EOF in (12–89%) and 
anionic UOF for 41% (10–87%). 

3.1.2. Sewage, sediment and FISH liver fluorine mass balance analysis 
All five sewage water samples from Oslo had EOF concentrations 

exceeding the LoD, details shown in Fig. 3. The EOF concentrations in 
found in these samples are also presented in SI 10, Table S11. In both 
samples from the residential area, the breakdown of EOF was similar, 
with anionic UOF being the largest fraction with 53% of EOF, followed 
by neutral UOF at 46% and the target analytes accounted for 1% of the 
EOF. In comparison, the fraction of anionic UOF was larger in the 
sewage samples from the industrial area (64% of EOF). The remainder 
of EOF was broken down to neutral UOF (33%) and EOF from target 
PFAS (3%). 

Of the three sediment samples from Lake Mjøsa, only one had EOF 
levels above LoD, details are provided in Fig. 4. In that sample, nearly all 
of the EOF (99.9%) was unidentified, and the small fraction of identified 
EOF was attributable to short- and long chain PFCAs. Both sediment 
samples collected from River Alna had detectable levels of EOF, of which 
96.6% was unidentified. Nearly half of the remaining EOF was attrib
utable to short- and long chain PFCAs, 1.8% and 0.4% of EOF, respec
tively. Two of the perch liver samples had quantifiable levels of EOF and 

83.8% of it was unidentified. The PFAS classes with the largest contri
bution to the fluorine mass balance were long chain PFSAs (8.1%). 

3.2. Target PFAS 

Across all samples, the most prevalent PFAS were PFCAs – both short 
and long chain PFCAs, followed by long chain PFSAs (as shown in Figs. 5 
and 6). The highest detection frequencies were observed for per
fluorodecanoic acid (PFDA, 89%), PFOA (86%) and L-PFOS (82%). The 
most commonly found PFCA precursors were 6:2 FTSA and 8:2 FTSA, 
both were detected in 68% of the samples; diPAPs were detected in 
fewer than 35% of the samples. Precursors. Two perfluorooctane sul
fonamidoacetates, FOSAA and methyl perfluorooctane sulfonamido
acetic acid (MeFOSAA), were detected in 4% and 7% of samples 
respectively. The PFAS profiles are shown in Figs. 5 and 6, additional 
details are given in SI 10 Tables S7-S10. 

PFECHS was found in all surface water passive sampler extracts from 
both Lake Mjøsa and River Alna and in all of the surface water grab 
samples from River Alna and all industrial sewage samples. The ultra- 
short chain PFCAs, i.e. TFA and PFPrA, were detected in 18% and 
11% of samples respectively. Of the ultra-short chain PFSAs, only per
fluoroethane sulfonic acid (PFEtS) was found in one of the passive 
sampler extracts from Lake Mjøsa. 

The ultra-short chain PFCAs were excluded from the target analysis 
due to lack of suitable mass labelled standards. These compounds were 
only reported as detected or not detected in the target analysis. 

3.2.1. Surface water grab and passive samples 
The average 

∑
35PFAS concentration in surface water grab samples 

from Lake Mjøsa ranged from 1.68 to 7.68 ng/L and from 24.50 to 50.60 
ng/L in River Alna samples, details are shown in Fig. 5 and in SI 10 
Tables S9-S10. The dominant PFAS groups in surface water grab samples 
from Lake Mjøsa were short – and long chain PFCAs, 49% and 46% of the 
∑

35PFAS on average. The most prominent PFAS class in the surface 
water grab samples from River Alna were short chain PFCAs, 46% of 
∑

35PFAS. 
The 

∑
35PFAS concentrations in surface water passive sampler ex

tracts from Lake Mjøsa were 46.20 and 73.30 ng/mL and ranged be
tween 31.30 and 68.00 ng/mL in River Alna samples, details in Fig. 5 
and in SI 10 Tables S7-S8. In the surface water passive samplers extracts 
from Lake Mjøsa, the 

∑
35PFAS profiles were dominated by short- and 

long chain PFCAs, 42% and 34% of 
∑

35PFAS respectively. Most of the 
∑

35PFAS profile in passive sampler extracts from River Alna samples 

Fig. 2. Fluorine mass balance analysis of surface water grab samples (active sampling) from Lake Mjøsa and River Alna. Samples from River Alna were collected 
during rainfall (denoted by “-W”) and dry conditions (“-D”). Lower part of the figure is an enlarged view of the 97–100% range of the overall fluorine mass balance. 
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was attributable to short- and long chain PFCAs, 38% and 32% of 
∑

35PFAS respectively. Long chain PFSAs accounted for an additional 
17%. 

The 
∑

35PFAS profiles were similar between the surface water grab 
and passive samples, both were dominated by short and long chain 
PFCAs. However, diPAPs and FOSAAs were not detected in any passive 
sampler extracts, while they were observed in the grab samples. This 
could be due to the grab samples containing particulate matter, to which 
these compounds had adsorbed. During SPE extraction the particulate 

matter would be loaded onto the SPE cartridge and the compounds 
would be desorbed during elution with MeOH. The passive samplers 
were not intended to capture particulate matter. 

3.2.2. Sewage, sediment and FISH samples 
The 

∑
35PFAS concentrations in residential area sewage samples 

were 18.10 and 34.90 ng/L. In sewage samples from the industrial area 
they were between 44.60 and 98.20 ng/L, details in Fig. 6 and SI 10 
Tables S11-S12. The PFAS profiles from the residential area samples 
were dominated by short chain PFCAs (40% of 

∑
35PFAS). The second 

largest group of PFAS were long chain PFCAs (20%). The most promi
nent PFAS group in the sewage samples from the industrial area were 
short chain PFCAs (41% of 

∑
35PFAS), followed by long chain PFCAs 

(19%). 
The 

∑
35PFAS concentration in sediment samples from Lake Mjøsa 

ranged from 0.02 to 0.49 ng/g w.w. (wet weight) and from 1.90 to 2.30 
ng/g w.w. in samples from River Alna, details in Fig. 6 and SI 10 
Tables S9-S10. In the samples from Lake Mjøsa, PFCAs dominated the 
∑

35PFAS profiles, on average accounting for 93% of 
∑

35PFAS and the 
remainder coming from long chain PFSAs. The 

∑
35PFAS profiles of the 

sediment samples from River Alna was dominated by short- and long 
chain PFCAs (39% and 31% of 

∑
35PFAS, respectively). Long chain 

PFSAs accounted for 11% of 
∑

35PFAS. Both PFCA and PFSA precursors 
were present, diPAPs accounted for 11% 

∑
35PFAS, FTSAs and FOSAAs a 

further 6% and 2% respectively. 
The 

∑
35PFAS concentration in fish liver samples from Lake Mjøsa 

was between 50.70 and 113.00 ng/g w.w., details in Fig. 6 and SI 10 

Fig. 3. Fluorine mass balance analysis of sewage water samples from Oslo. Samples from River Alna were collected during rainfall (denoted by “-W”) and dry 
conditions (“-D”). Lower part of the figure is an enlarged view of the 94–100% range of the overall fluorine mass balance. 

Fig. 4. Fluorine mass balance analysis of sediment and fish liver samples. 
Above figure is in the range 95–100% of the fluorine mass balance and the 
lower figure is in the 80–100% range. 

Fig. 5. PFAS profiles of the grab and passive samples from Lake Mjøsa and 
River Alna along with 

∑
35PFAS levels. The 

∑
35PFAS concentrations in the 

passive samplers are given on sample extract basis. 

Fig. 6. PFAS profiles of the raw sewage water, sediment and fish liver samples 
from Lake Mjøsa and River Alna along with 

∑
35PFAS levels (w.w. – 

wet weight). 
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Tables S9-S10. The 
∑

35PFAS were dominated by long chain PFSAs (48% 
of 

∑
35PFAS). A further 29% and 22% were accounted for by long- and 

short chain PFCAs, respectively. 

4. Discussion 

4.1. Fluorine mass balance and levels of EOF 

The fluorine mass balance analysis in this study showed a higher 
fraction of UOF (99% on average, details in Fig. 2 and SI 10 Tables S7- 
S8) in surface water grab samples than previously reported for Scan
dinavian samples (83–98%) (Koch et al., 2019; Kärrman et al., 2019). 
One class of PFAS, the ultra-short chain PFAS, could be a contributing 
factor to the high proportion of UOF in surface water samples. The 
current analytical method might have underestimated the concentra
tions of ultra-short chain PFAS due to the use of other surrogate stan
dards (e.g. mass labelled PFBA for TFA) in this investigation. Previous 
studies have found high levels of ultra-short chain PFAS near suspected 
point sources (Björnsdotter et al., 2019) and in river and rain water 
samples (Yeung et al., 2017). Although the method used in this study 
was qualitative for ultra-short chain PFCAs, their presence was detected 
in more than 10% of the water samples (detection frequencies of 20% 
and 12% for TFA and PFPrA respectively). The ultra-short chain PFCAs 
could be released unintentionally, for example TFA has been shown to 
be formed during ozonation of wastewater (Scheurer et al., 2017) and 
may thereafter be released into local lakes/rivers. In addition, TFA is 
known to be a degradation product of hydrofluorocarbons (HFCs) in the 
atmosphere (Wallington et al., 1994), which is another source of TFA to 
the ground and eventually river and other water bodies through rain 
(Yeung et al., 2017). Ultra-short chain PFSA appeared to be less ubiq
uitous as perfluoroethane sulfonic acid (PFEtS) was found at trace 
levels only in one sample, but this study did not include trifluoro
methane sulfonic acid (TFMS), which was recently reported by 
Björnsdotter et al. (2019) in surface water collected from firefighting 
training sites with historical use of aqueous film forming foams, which 
could account for a part of the EOF. 

The UOF fraction could also contain compounds that are not PFAS, 
containing only a single fluorine atom or a CF3 group, for example 
pesticides. A total of 315 pesticide products were approved for usage by 
the Norwegian Food Safety Authority as of September 2020 (Godkjente, 
2020). Of those products 24% contain an active ingredient with at least 
one fluorine atom (e.g. florasulam C12H8F3N5O3S). This reflects a larger 
trend in the agrochemical industry, where fluorine has become a com
mon part of pesticides. A recent review paper reported that 25% of 
herbicides sold globally contain one or more fluorine atoms (Fujiwara 
and O’Hagan, 2014), elsewhere it has been reported that 30–40% of 
agrochemicals are fluorinated (THAYER, 2006). While these organo
fluorine compounds often contain fewer fluorine atoms than PFAS, their 
concentrations can be higher than those of PFAS. A recent study found 
flutolanil (C17H16F3NO2) in 20% of surface water samples from an 
agricultural area in Georgia (U.S.), with a maximum concentration of 
350 ng L (Glinski et al., 2018). For context, nearly 330 tonnes of pesti
cides of all types were used in Norway in 2014 (Pesticide). The impact of 
this on the various samples included in this study would be difficult to 
quantify without including these compounds in the analytical method 
and is recommended for future studies investigating the fluorine mass 
balance in environmental samples from areas with agricultural activity. 
A study published in 2015 compiled data on samples collected from 
agricultural streams between 1995 and 2012 on the levels of 61 different 
pesticides (Stenrød, 2015). Five of those compounds contained fluorine 
and the highest detection frequency was observed for fluazinam 
(C13H4Cl2F6N4O4) at 15% with a mean concentration of 0.32 μg/L. 
Further effort to close the mass balance analysis will be also measuring 
these fluorinated pesticides. 

An additional source of UOF could be fluorinated pharmaceuticals, 
as approximately 25% of them are reported to contain at least a single 

fluorine atom (Wang et al., 2014). In 2017, two of the 30 drugs in 
Norway with the highest number of users were fluorinated (Berg et al., 
2013). These were atorvastatin (C33H35FN2O5), used to prevent car
diovascular disease, and pantoprazole (C16H15F2N3O4S), used in the 
treatment of stomach ulcers. They were used by 5.6 and 5.0% of the 
Norwegian population in 2017, respectively. These two compounds 
have pKa values of 4.3 for atorvastatin and 3.96 for pantoprazole. This 
would lead them to be deprotonated in the surface water samples and 
would be eluted during sample extraction within the anionic fraction, 
thus contributing to the anionic UOF fraction of the fluorine mass 
balance. At the same time, the fungicide mentioned in the previous 
paragraph (fluazinam, pKa of 7.22) would elute in the neutral fraction 
and contribute to the neutral UOF. Thus, it cannot be stated that fluo
rinated pharmaceuticals and agrochemicals are bound to contribute to 
either neutral or anionic UOF. Due to the wide range of potential 
compounds, these compound classes are likely to increase the fraction 
of UOF of both anionic and neutral OF. Further investigation is needed 
to clarify this point. 

Whether it was due to these ultra-short chain PFAS or some other 
organofluorine compounds, the overall EOF concentration surface water 
grab samples, was higher in this study than previously reported in Lake 
Mjøsa (1750 vs 830 ng/L F, this and the previous study respectively; 
Fig. 2 and SI 10 Table S9) (Kärrman et al., 2019). In this investigation, the 
EOF concentrations were more than 5 times higher than those reported in 
Nordic surface water (Lake Vättern in Sweden – 64 ng/L F, River Van
taanjoki in Finland – 163 ng/L F, Lake Badesø in Greenland – 61 ng/L F) 
(Kärrman et al., 2019). The concentration of EOF in River Alna (between 
807 and 4030 ng/L F) was 1-2 orders of magnitude higher than recently 
reported from Germany (Moselle; 40–60 ng/L F, Rhine 50–300 ng/L F) 
(Metzger et al., 2019). However, the study on German rivers used a 
different extraction method (using hydrophilic-lipophilic balance sorbent 
in SPE) and a different analysis technique (continuum source molecular 
absorption spectrometry) for EOF determination. A recent study 
compared EOF extraction methods for bovine serum in brief and the EOF 
results could differ by approximately 50%. It is very likely that a similar 
extraction method dependency is present with environmental samples as 
well and hence, care should be taken when comparing studies with 
different methodologies (Kaiser et al., 2020). 

The result of fluorine mass balance analysis of sediment samples was 
similar (the difference in their mean values was not statistically signif
icant, two-tailed t-test, p>0.05) to that of surface water sample, between 
95.2 and 99.9% of the EOF content in sediment samples was of un
identified origin (Fig. 4 and SI 10 Table S11). However, the detection 
frequency of EOF was lower, with only 3 out of 5 samples having EOF 
concentrations above LoD. The EOF levels and the UOF fraction in the 
sediment in this study were in a similar range to those found in sediment 
samples from Lake Ontario, Canada (Yeung et al., 2013). However, 
higher EOF concentrations have been reported in samples from Lake 
Michigan ranging 600000–4800000 ng/g F d.w. (Codling et al., 2014). 
Since these studies used different extraction methods, the results are not 
directly comparable (Codling et al., 2014; Response). 

The high fraction of UOF in both surface water grab samples and 
sediment samples could be due to degradation intermediates, as pre
vious studies have shown that only a small percentage of the original 
precursor compound degrades into readily measurable PFAAs (Wang 
et al., 2011; Liu et al., 2010; Zhang et al., 2013). The degradation 
process also depends on the compound and conditions (Zhang et al., 
2013; Liu et al., 2010). The presence of PFAA precursors in stormwater 
samples has been reported by Houtz and Sedlak (2012). As PFAS are not 
readily removed by wastewater treatment methods (Baz-Lomba et al., 
2017), they could reach water, possibly contributing to the UOF 
fraction. 

The UOF fraction of EOF in perch livers from the present study (84%; 
Fig. 4 and SI 10 Table S11) was in line with a study by Kärrman et al. 
who reported UOF fractions between 49 and 87% in perch liver samples 
from Norway, Finland and Sweden (comparison of these results is 
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presented in SI 11, Table S13) (Kärrman et al., 2019). That study also 
contained a pooled sample from Lake Mjøsa (pool of 10 perch liver 
samples), where 63% of the EOF was unidentified, which is slightly less 
than in perches from the present study. This might be due to the different 
ages of the fish caught, data on which is unfortunately unavailable. The 
levels of EOF in perch liver samples, <LoD – 370 ng/g F, are in the same 
range as what has been found from Lake Mjøsa (210 ng/g F), Finland and 
Sweden (Kärrman et al., 2019). 

4.2. Potential sources of PFAS 

An earlier study showed an effective source-attribution technique by 
using PFAS profiles and a distance impact factor from nearby sources for 
better understanding PFAS sources in urban areas (Zhang et al., 2016). 
The PFAS contamination profiles from the surface water grab samples 
from Lake Mjøsa (Fig. 5) suggest their sources to be from industrial 
applications; most of the PFCAs found in these samples have been linked 
to mixed industrial use (C6–C10 PFCAs) (Zhang et al., 2016). The sur
face water passive sampler extracts showed similar PFAS profiles to 
those of grab samples, in both cases, the dominant PFAS classes were 
short and long chain PFCAs (Fig. 5). 

While PFCAs were prevalent in the surface water grab samples from 
River Alna, indicating mixed industrial sources as with Lake Mjøsa, the 
samples from River Alna also had detectable levels of PFOS, FTSAs and 
diPAPs. As River Alna flows through an industrial area in Oslo, several 
urban sources such as industries and landfills could be relevant. Per
fluoropentanoic acid (PFPeA), PFOS and 6:2 FTSA have been linked to 
metal plating industry (Zhang et al., 2016). The surface water passive 
sampler extracts had similar PFAS profiles to surface water samples, 
short- and long-chain PFCAs were the dominant PFAS classes, with 
sizeable (approximately 20% of sum PFAS) contribution from PFSAs 
(short- and long-chain PFSAs combined). 

PFECHS has been detected in different environmental samples from 
Scandinavia (surface water, wastewater treatment plant effluent, fish 
and marine mammals) (Kärrman et al., 2019), North America (surface 
water and fish) (De Silva et al., 2011; M et al., 2013; Houde et al., 2016) 
and China (Wang et al., 2016). In this study, PFECHS was detected in all 
surface water grab samples from River Alna in Oslo (0.11–0.35 ng/L). 
The PFECHS concentrations in River Alna were in line with those of the 
previous study (up to 0.94 ng/L) (Kärrman et al., 2019), but lower than 
what has been found in North America (up to 5.65 ng/L) (De Silva et al., 
2011). The sources of PFECHS in River Alna are likely linked to the 
industrial activities in the surrounding area, since PFECHS was detected 
in all 3 industrial sewage samples taken in Oslo (PFECHS, 0.82–0.89 
ng/L). In addition to metal plating (Wang et al., 2013), PFECHS has been 
linked to hydraulic fluids (De Silva et al., 2011), cosmetics and semi
conductors (Fischer, 2018). PFECHS was detected both in the passive 
and grab samples from River Alna, but was only found in the passive 
sampler extracts from Lake Mjøsa. One explanation could be that it was 
detected through enrichment on the passive samplers, but was below the 
detection limit in the grab samples. 

5. Conclusion 

Unidentified organofluorine compounds (UOF) were the largest 
contributors to EOF in all sample matrices, which shows the importance 
of including EOF when the environmental loadings of total PFAS and 
other fluorine related compounds are of interest. This study was limited 
by the low number of samples taken at both locations, preventing sta
tistical analysis, and the exclusion of the most common fluorinated ag
rochemicals and pharmaceuticals from the list of target analytes. Future 
screening methods should include common fluorinated agrochemicals 
and/or pharmaceuticals, as their annual use far exceeds that of PFAS 
(offsetting their low degree of fluorination). Currently, there is no uni
versally accepted methodology for EOF analysis and to our knowledge, 
no standard reference materials or ring tests are available. This makes 

comparison between studies challenging at the moment. The levels of 
EOF were elevated in surface water samples from Norway compared to 
other Scandinavian sampling campaigns. 
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