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A R T I C L E  I N F O   

Handling editor: Jason Michael Evans  

Keywords: 
Cumulative impacts 
Integrated assessment 
Monitoring data 
Online tool 
Pressure diagnosis 
Uncertainty assessment 
Water framework directive 

A B S T R A C T   

Ecosystem responses to increasing human pressures are complex and diverse, affecting organisms across all 
trophic levels. This has prompted the development of methods that integrate information across many indicators 
for environmental management. Legislative frameworks such as the European Water Framework Directive 
(WFD), specifically prescribe that integrated assessme nt (IA) of ecological status must consider indicators 
representing various biological and supporting quality elements. We present a general approach for an IA system 
based on a piece-wise linear transformation of indicator distributions to a standardized scale, allowing for 
integrating information from multiple and diverse indicators through a policy-dependent aggregation scheme. 
Uncertainties associated with monitoring data used for calculating indicators and their propagation throughout 
the integration scheme allow for confidence assessment at all levels of the hierarchical integration. Specific 
pressures leading to ecological impact can be identified through the most impaired indicators in the hierarchical 
and transparent aggregation scheme. The IA and its confidence are facilitated though the development of an 
online tool that accesses information from monitoring databases and presents the outcome at all levels of the 
assessment, ensuring consistency and transparency in the calculations for all potential stakeholders. We 
demonstrate the versality and applicability of the approach using indicators and aggregation principles from the 
Swedish national guidelines for assessing ecological status of rivers, lakes and coastal waters according to the 
WFD. Although the approach and the tool were developed specifically for the WFD ecological status assessment 
in Sweden, the generality of the approach implies that it can easily be adapted to the WFD assessment methods of 
other countries as well as other policies, where an integrated assessment is required.   

1. Novelty and relevance statement 

Methods for integrated assessment of ecological status are becoming 
increasingly important for environmental management with growing 
pressures on ecosystems. We present a novel approach and an online tool 
for integrating information from multiple and diverse indicators to 
provide a holistic assessment of ecological status for water bodies 
following the guidelines of the European Water Framework Directive 
(WFD). The hierarchical integration of indicators through their statis-
tical distributions provides transparency in the assessment and allows 
confidence assessment at all levels of integration. Moreover, it allows 
identification of indicator(s) compromising good ecological status and 
the likely pressure(s) responsible. The approach and tool, developed 

according to the WFD guidelines in Sweden, can easily be adapted to 
WFD assessment methods in other countries as well as other policies. 

2. Introduction 

Climate change, increasing human activities and exploitation of re-
sources have led to growing pressures and impacts on aquatic ecosys-
tems, prompting management responses to ensure the integrity of these 
ecosystems and the services they provide (Halpern et al., 2012; Keeler 
et al., 2012). The cumulative impact of multiple stressors affects or-
ganisms at all trophic levels of the ecosystem, either directly by targeting 
certain species (e.g. fishing, anti-fouling) or indirectly by changing the 
environmental state (e.g. reduced light conditions, acidification, 
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hypoxia) and thereby the habitats harboring these organisms. Moreover, 
the organization of the food web and species’ interactions are affected 
by the uneven distribution of impacts on organisms, essentially chang-
ing the functioning of aquatic ecosystems. 

Legislative frameworks have been adopted in many countries and 
regions to safeguard aquatic ecosystems by regulating human activities 
in a holistic ecosystem-based approach (Kirkfeldt, 2019). These frame-
works are inherently adaptive, operating in cycles involving 
decision-making, implementing, monitoring, evaluating and adjusting 
(Allen et al., 2011). The complexity of aquatic ecosystems has driven the 
development of integrative assessments that combine a broad array of 
indicators of state changes and ecological impacts (Borja et al., 2008). 
These integrative assessments are typically based on an appropriate 
scaling and weighting of several indicators representing key features of 
the aquatic ecosystem. For example, the HELCOM Eutrophication 
Assessment Tool (HEAT) combined indicators of nutrients, chlorophyll 
a, Secchi depth and benthic invertebrates by scaling these against their 
reference conditions and averaging these scaled indicator values 
(Andersen et al., 2011). Similarly, observed concentrations of hazardous 
substances were scaled against critical thresholds and averaged in the 
Chemical Status Assessment Tool (CHASE) for the Baltic Sea and North 
Sea (Andersen et al., 2016). However, there are many approaches to 
integrate indicators, but essential features are that any integration 
principle should be ecologically relevant, transparent and documented 
(Borja et al., 2014). 

The European Water Framework Directive (WFD) employs an inte-
grated assessment (IA) of Biological Quality Elements (BQEs) using the 
one-out-all-out (OOAO) principle, i.e. the ecological status of a water 
body (WFD term for aquatic assessment unit) depends on the BQE with 
the lowest status (CIS, 2005). BQEs include phytoplankton, phytoben-
thos, macrophytes, macroinvertebrates and fish, and BQE indicators 
should capture relevant information on abundance, biomass, commu-
nity composition and diversity. The EU member states have generally 
developed their own indicators for each BQE (Birk et al., 2012), either as 
one composite indicator (aggregation contained in the indicator 
formulation) or by aggregating several indicators with an appropriate, 
yet undefined, principle (CIS, 2005). The ecological status of a BQE is 
quantified on an Ecological Quality Ratio (EQR) scale from 0 to 1 that is 
divided into five classes representing bad, poor, moderate, good, and 
high status. Furthermore, if the BQEs suggest high or good status and the 
status of supporting quality elements (SQE) (hydromorphological and 
physico-chemical quality elements) is lower, the ecological status can be 
downgraded by one class (CIS, 2005). However, the principles used for 
aggregating indicators and for combining ecological and supporting 
elements have not been laid out in the guidelines since the WFD is a 
framework directive and consequently, countries can employ quite 
diverse principles in their implementation. The choice of aggregation 
method can considerably affect the overall assessment outcome 
(Langhals et al., 2014), challenging the principles of comparability and 
transparency of IA systems across Europe (Hering et al., 2010). These 
challenges are not specific to the WFD but also inherent to the imple-
mentation of other environmental directives such as the Marine Strategy 
Framework Directive (MSFD) (Probst and Lynam, 2016). Thus, there is a 
strong need to harmonize aggregation principles, acknowledging that it 
is not possible to harmonize indicators due to differences in monitoring 
data and aquatic ecosystems across Europe. 

The WFD requires that all water bodies should achieve at least good 
ecological status, by 2027 at the latest, and river-basin management 
plans should be implemented for reducing relevant pressures if this is 
not the case. Any IA is inherently associated with uncertainty and it is 
imperative to quantify the confidence of the status classification as the 
program of measures can indeed be costly. Particularly, the use of the 
OOAO-principle results in higher uncertainty of the IA compared to 
other combination rules (Moe et al., 2015). Misclassifications can either 
lead to unnecessary implementation costs or compromising ecosystem 
services. The uncertainty of an assessment can be reduced by more and 

better monitoring data as well as improving the indicator calculation 
routines to account for variability ascribed to other factors than the 
human pressures such as seasonality, winds, etc. (Carstensen, 2007). 
Despite the obvious benefits of quantifying the confidence of an inte-
grated assessment, most IA studies do not consider this aspect at all (van 
Beest et al., 2021). Andersen et al. (2010) developed a ‘confidence rat-
ing’ system based on heuristic aggregation principles, albeit not rooted 
in a theoretical probabilistic framework. Confidence assessment remains 
a challenge, requiring the estimation of variance components for 
different sources of uncertainty, which is often only possible through 
analyses of large datasets (Carstensen and Lindegarth, 2016), or large 
surveys dedicated specifically to the purpose (Dromph et al., 2013; 
Dudley et al., 2013). Nevertheless, it is important that confidence 
assessment becomes an integral part of IA systems (van Beest et al., 
2021). 

In a Swedish context, it is absolutely necessary to develop a sys-
tematic and coherent approach to status assessment, with supporting 
tools to integrate indicators and estimate confidence in classification etc. 
This is particularly important considering the task of assessing approx-
imately 650 coastal waterbodies, more than 7500 lakes and 15,500 
streams included in WFD regulations. Therefore, one of the main aims of 
the Swedish research program WATERS (2010–2016), was to develop a 
common framework for classification and uncertainty assessment. Thus, 
the objective of this paper is to develop a general and transparent 
framework for integrating indicators for assessing ecological status of 
water bodies according to the WFD and to assess the confidence of the 
assessment. The aim is also to demonstrate the applicability of this 
framework through developing an internet-based open-source tool that 
enables stakeholders to carry out WFD integrated assessments. Finally, 
we propose that the framework can easily be adapted to other legislative 
frameworks that use different aggregation rules. 

3. From monitoring data to integrated assessment 

Integrated assessment of ecological status is primarily a 
measurement-driven process, although it can also be supported by 
model predictions (Schuwirth et al., 2019). EU member states are 
required to establish monitoring programs for the WFD ecological 
assessment, involving both biological and physical-chemical measure-
ments. Whereas the physical-chemical measurements are generally 
carried out according to international standards, biological measure-
ments are typically done according to national standards that are often 
not coordinated with other countries. Even within countries, regional 
differences in biological monitoring methods exist. Consequently, 
methods for aggregating the raw measurement are quite diverse and 
mostly specific to each country. 

The chain of data processing from monitoring data to integrated 
assessment is long and involves many steps (Fig. 1). Biological moni-
toring data typically consist of measurements of certain taxonomical 
resolution, e.g. species-specific abundances or biomass. These raw ob-
servations are subsequently aggregated into an index that expresses 
specific features of the biological community, e.g. the phytoplankton 
functional trait index (FTI) for lakes (Solheim et al., 2013) or the benthic 
quality index (BQI) for marine macrofauna (Rosenberg et al., 2004). 
Similarly, physical-chemical measurements at discrete depths can be 
aggregated to represent the entire or parts of the water column (e.g. 
surface chlorophyll a), or extrapolated to estimate the spatial extent of 
hypoxia. In some cases, the index and observation are the same, e.g. 
Secchi depth. An index represents discrete information in time and 
space. However, an assessment should typically represent an entire 
period and spatial entity (e.g. water body for the WFD) and therefore, 
indices are aggregated to form indicators that aim at describing certain 
characteristics covering the entire ecosystem and assessment period (e. 
g. mean summer chlorophyll a in a water body over a 6-year period). 
When several indicators are employed to characterize a BQE or SQE, 
they need to be aggregated by means of a decision rule, which in most 
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cases is averaging (with or without weighting indicators). In some cases, 
the aggregation is carried out in two steps through intermediate 
sub-elements (e.g. macroalgae and angiosperms for the BQE benthic 
vegetation and nitrogen and phosphorus for the SQE nutrient concen-
trations). This means that indicators are first aggregated to sub-elements 
that are subsequently aggregated to BQE or SQE. At this aggregation 
level, the BQE status can be downgraded if there is a discrepancy with 
the SQE status (CIS, 2005). However, it is also possible for SQE 
sub-elements or SQE indicators to be used for downgrading BQE 
sub-elements and BQE indicators, respectively. Finally, the BQEs are 
aggregated to the IA following the OOAO-principle. The actual inte-
grated assessment method is decided by member states, including 
diverse decision rules as will be shown for the Swedish IA method below. 

3.1. Indicator standardization 

Ecological and biodiversity indicators are highly diverse in their 
computation and use different numerical scales (Teixeira et al., 2016), 
which means that they cannot be aggregated without standardization 
through some transformation. Moreover, the same indicator value can 
express quite different status depending on which water body and period 
it represents. For example, a chlorophyll a mean of 5 μg L− 1 may be 
considered excessively high for winter conditions but relatively low for 
summer conditions in a river-dominated temperate estuary, and at the 
same time excessively high at any time of the year for an oligotrophic 

coastal system. This is acknowledged in the WFD and other legislative 
frameworks by relating the actual indicator value (Status) to a reference 
point. The WFD defines the reference condition (RefCond) as charac-
terizing an ecosystem state with minimal disturbance from human ac-
tivities and uses relative deviations (Ecological Quality Ratio (EQR)) 
from the reference condition to characterize the degree of disturbance, i. 
e. 

EQR=

⎧
⎪⎪⎪⎪⎪⎨

⎪⎪⎪⎪⎪⎩

RefCond
Status

for indicators responding positively to pressures

or
Status

RefCond
for indicators responding negatively to pressures

(1) 

Assuming the indicator only takes positive values, this EQR- 
transformation will map indicators onto the interval between 0 and 1, 
with 1 representing the RefCond. However, this transformation will not 
yield a consistent representation of the entire EQR-scale for many in-
dicators. For instance, a halving of the mean Secchi depth, even for the 
most polluted water bodies, would be considered an extreme deterio-
ration of water quality and hence, the EQR-transformation (Eq. (1)) 
would, in practice, utilize only the range from 0.5 to 1. The simplicity of 
the EQR-transformation imply that the statuses of indicators are pro-
jected onto different intervals. Furthermore, the response of the indi-
cator to pressures may not be linear or inverse (Eq. (1)), resulting in class 
boundaries that are unevenly distributed over the EQR-scale. Thus, 

Fig. 1. The data flow from observations to integrated assessment through different levels of aggregation. The green dotted line marks the transition from indicators 
to EQRS-scale. Method of aggregation: WA=Weighted Average, OOAO=One-out-all-out. 
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although the EQR-transformation, in principle, restricts the outcome 
space within the interval between 0 and 1, the transformation does not 
produce compatible EQR-metrices. EQR-values for different indicators 
are not comparable and even EQR-values for the same indicator are not 
comparable, if their RefCond values are different. In other words, the 
EQR-transformation (Eq. (1)) produces “apples and oranges” that cannot 
be directly compared with each other. Therefore, class boundaries are 
specific to the given indicator and the group of water bodies sharing the 
same RefCond value and pressure-response relationship (within same 
type according to the WFD). This specificity of class boundaries creates a 
lack of transparency and problems with communicating the results of 
the IA in a consistent manner. For example, an indicator EQR-value of 
0.75 can represent different status classes among water bodies. 

To accommodate these deficiencies with the simple EQR- 
transformation (Eq. (1)), we propose a piecewise linear transformation 
that maps the indicator value onto a standardized EQR-scale (EQRS), 
where each of the five status classes are represented by an equal interval 
of 0.2 (Fig. 2). Hence, the boundaries Poor/Bad (BPB), Moderate/Poor 
(BMP), Good/Moderate (BGM) and High/Good (BHG) for the estimated 
indicator ( Î) always correspond to 0.2, 0.4, 0.6 and 0.8 on the 
EQRS-scale. Additionally, the estimated indicator is assumed bounded 
by the reference condition at one end (RefCond) and an extremely poor 
value (Bmin) at the other end of the scale. Essentially, the piecewise linear 
transformation is a discrete representation of a reversed pressure- 
response relationship with the EQRS-scale representing different levels 
of pressure. For an indicator responding negatively to increasing pres-
sure (Fig. 2A) the EQRS is calculated as 

EQRS =

⎧
⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎨

⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎪⎩

0 if Î ≤ Bmin

Î − Bmin

BPB − Bmin
• 0.2 if Bmin < Î ≤ BPB

Î − BPB

BMP − BPB
• 0.2 + 0.2 if BPB < Î ≤ BMP

Î − BMP

BGM − BMP
• 0.2 + 0.4 if BMP < Î ≤ BGM

Î − BGM

BHG − BGM
• 0.2 + 0.6 if BGM < Î ≤ BHG

Î − BHG

RC − BHG
• 0.2 + 0.8 if BHG < Î ≤ RefCond

1 if Î > RefCond

(2) 

For an indicator responding positively to increasing pressure 
(Fig. 2B), a similar transformation can be found by reversing the indi-
cator scale. Although both EQR (Eq. (1)) and EQRS (Eq. (2)) require 
boundaries to be supplied for the status assessment, we submit that 

specifying boundaries at the indicator scale is more informative and 
transparent than specifying boundaries at the EQR-scale. Importantly, 
however, the advantage of using EQRS is the translation to a common 
scale, enabling indicator comparison and integration (see below). 

3.2. Indicator uncertainty assessment 

For assessing the confidence of the IA, the uncertainties at the base of 
the aggregation scheme and their propagation through the various data 
processing steps need to be quantified (Fig. 1). Monitoring data and 
derived indices are typically sampled heterogeneously in time and 
space, and consequently the error structure is complex, involving vari-
ance contributions from spatial and temporal sources of variation as well 
as their interactions (Carstensen and Lindegarth, 2016). Different peo-
ple/institutions carrying out sampling and sample analyses add further 
variation to the measurement data. Carstensen and Lindegarth (2016) 
presented a framework that listed a broad range of temporal, spatial and 
methodological variations affecting typical monitoring data, and 
demonstrated that quantifying the different variance components and 
using these in the indicator calculations gave more correct estimates of 
the indicator confidence. They assumed that the indicator was calcu-
lated from a linear combination of parameter estimates (i.e. typically 
mean and standardization parameters). However, even though this 
approach has statistical and computational advantages, many indicators 
involve more complex algebra and decision rules, and consequently do 
not fulfil this linear assumption. Given that indicator calculations can be 
quite complex, explicit formulas for calculating indicator uncertainty 
often cannot be derived. Therefore, we propose a more general meth-
odology for quantifying the uncertainty of an indicator based on Monte 
Carlo simulations (Fig. 3). 

An indicator (I) is calculated from a number of indices (yi, i = 1, …,N 
or y in vector notation) through an indicator function f( ) that aggregates 
y into a single number (an indicator value, i.e. Î = f(y)). These indices 
are assumed normal distributed, either directly or through an appro-
priately chosen link function g( ). Examples of the latter are g( ) = log ( )

for lognormal distributed indices (e.g. chlorophyll a) and g( ) = logit ( )
for proportions (e.g. proportion of cyanobacteria). If y is normally 
distributed, g( ) becomes the identify function. Thus, g(y) is normally 
distributed with an estimated mean (μ̂) and a covariance matrix that 
depends on several variance components for spatial, temporal and 
methodological uncertainties as described in Carstensen and Lindegarth 
(2016). Consequently, the distribution of the indicator can be calculated 
by Monte Carlo simulations of errors from these variance components 
through the inverse link function g− 1( ) and the indicator function f( )
(Fig. 3). Following the recommendations from Carstensen and Linde-
garth (2016), the variance components for the different indices should 

Fig. 2. The piecewise linear EQR-transformation (see Eq. (2)) for an indicator with responding negatively (A) or positively (B) to a pressure. RC = RefCond.  
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be estimated from large data sets as a separate analysis and parame-
terized in the indicator calculation. Such variance estimates (σ̂2

j ) are part 
of the IA tool configuration, referred to as the ‘uncertainty library’. Thus, 
the Monte Carlo simulations are based on a mean estimated from the 
observed indices and parameterized variances. 

The median of the Monte Carlo simulations will approach the indi-
cator value for the observed indices ( Î = f(y)) with increasing number of 
realizations, but the distribution of the simulations will only be normal 
(mean and median are equal) if both f( ) and g( ) are linear trans-
formations. Any other functional form will produce a skewed distribu-
tion with mean and median differing. It is desirable for the simulated 
indicator distribution to have a mean equal to f(y) and therefore a bias 
correction is introduced that adjusts the simulated distributions to 
ensure this requirement (Fig. 3). The bias correction, calculated as the 
difference between mean of the simulations and f(y) after applying the 
link function g( ), is employed to adjust μ̂ before applying the inverse 
link function g− 1( ) and the indicator function f( ) to ensure that con-
straints imposed by these transformations are maintained. Finally, the 
indicator translation is applied to the bias-corrected indicator distribu-
tion, resulting in an indicator distribution on the standardized scale 
(EQRS). 

3.3. Integrated assessment of indicators 

The indicator information can be aggregated in many ways, poten-
tially leading to diverse outcomes in the final IA (Borja et al., 2014). One 
of the first approaches for an IA was introduced by Vollenweider et al. 
(1998) with the TRIX indicator that scaled indices for productivity 
(chlorophyll a and oxygen concentration), nutrients (nitrogen and 
phosphorus concentrations), and supplementary water quality factors 
(Secchi depth) within their validity range followed by averaging after 
log-transforming indices as well as their upper and lower boundaries. 
The TRIX indicator has been applied, in original or slightly modified 
form, to many different ecosystems throughout the world, e.g. the Black 
Sea (Moncheva et al., 2001), the Persian Gulf (Taebi et al., 2005), the 
Mar Menor Lagoon (Spain) and the Montego estuary (Portugal) (Salas 
et al., 2008), the Southeast Mexico (Herrera-Silveira and Morales-Ojeda, 
2009), and the Adriatic Sea (Andricevic et al., 2021). In contrast to the 
bounded intervals used for standardization in TRIX, the HELCOM HEAT 
(Andersen et al., 2011) and CHASE (Andersen et al., 2016) assessment 
tools for the Baltic Sea use only a single reference value for standardi-
zation (i.e. computing a ratio), before aggregating indicators by 
weighted averaging. The aggregation principle of these tools implicitly 
assumes that the standardized indicators have similar distributions that 
express comparable ecological status. However, this assumption can be 
questioned, as described above for chlorophyll a and Secchi depth, and 
importantly, the standardization is sensitive to the chosen upper/lower 
boundary or reference value. In fact, these values are often difficult to 
estimate as they represent conditions that are unlikely observed. The 

standardization with the piecewise linear model (Eq. (2)) also uses a 
bounded interval for the transformation, but it is less sensitive to the 
determination of the bounding range, since it uses several intermediate 
boundaries (BHG, BGM, BMP and BPB) to “steer the transformation”. These 
waypoints of the transformation are more well determined as they can 
be better associated with observations. Importantly, the piecewise linear 
transformation can be seen as a discretized version of a more complex 
pressure-response curve, allowing for larger degree of freedom in 
translating an indicator to the standardized EQR-scale. 

TRIX, HEAT and CHASE produce results on continuous scales, 
whereas other IA approaches employ decision trees, eventually com-
bined with a discrete scoring system. The ASSETS methodology for 
eutrophication assessment considers a number of primary and secondary 
symptoms evaluated in a decision-tree structure (Bricker et al., 2003) 
and was used in the National Estuarine Eutrophication Assessment 
(NEEA) in the US (Bricker et al., 2007) as well as in China (Xiao et al., 
2007) and Spain (Garmendia et al., 2012). Borja et al. (2009) developed 
a decision tree for integrating water, sediment and biomonitors for 
chemical status in the Basque Country in Spain. Taxon-specific scoring 
systems have also been developed for specific BQE such as the ASPT 
index (Armitage et al., 1983) and AMBI index (Borja et al. 2000). A 
scoring system, whether employed at the species level or at an aggre-
gated level, essentially translates continuous information onto a discrete 
representation that involves a loss of information. Whereas the infor-
mation loss may be less important when aggregating taxon-specific in-
formation across a rich and diverse community, the discretization of 
relatively few indicators, through scoring or decision tree structures, in 
an IA could represent a considerable information loss. Essentially, the 
objective of scoring systems and tree structures is similar to that of IA 
systems using a continuous scale, i.e. translating information onto a 
common scale, but the artefacts of the discretization are typically 
overlooked. Hence, such discretization approaches should be avoided 
for IA, unless the thresholds of the discretization represent tipping points 
for abrupt ecosystem change. 

Borja et al., 2016 argued that any integration principle should be 
ecologically relevant, transparent and well documented. Whereas pre-
vious IA systems have generally used a relatively flat integration struc-
ture using weighted averages of indicators, we propose a hierarchical 
approach for aggregation to achieve a more equal representation of BQE, 
SQE and their sub-elements (Fig. 1; see also Swedish aggregation prin-
ciples below). The hierarchical structure for aggregating indicator in-
formation is also implemented in the NEAT tool used for MSFD 
assessments of environmental status (Uusitalo et al., 2016). A hierar-
chical aggregation scheme also implies a weighted average of indicators, 
but instead of explicitly supplying weights for aggregation, these are 
implicitly supplied through the hierarchy of information aggregation. 
However, it is also possible to include weighting of indicators and 
sub-elements in the hierarchical aggregation. As an example, if there are 
three indicators for the macroalgae sub-element, these can have equal 
weights (w = 0.33 for all three) or alternatively, one indicator can be 

Fig. 3. Illustration of indicator uncertainty assessment for a lognormal distributed variable and an indicator function that averages the inverse of observations with 
an imposed truncation point. The different steps are indicated by green circles. Step 1: Observations/indices are log-transformed, and the mean of the log-transformed 
indices (μ̂) is calculated. Step 2: Monte Carlo realizations of Nobs log-transformed observations are simulated using the estimated mean μ̂ and variances from the 
uncertainty library to match the sampling properties of the indices. Step 3: The Monte Carlo realizations are back-transformed to lognormal distributions. Step 4: An 
indicator value is calculated for each realization using the indicator function (e.g. an average of inverse transformed simulations with truncation), and the indicator 
calculations of all Monte Carlo realizations produce an indicator distribution. Step 5: The indicator distribution is adjusted to have a mean equal to the indicator 
function applied to the indices. 
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evaluated as twice as important as the other two indicators (w = 0.5, 
0.25 and 0.25, respectively). The hierarchical structure also provides a 
more flexible aggregation in the presence of occasionally missing in-
dicators, which would require adjusting all weights with a flat aggre-
gation structure. Moreover, the hierarchical aggregation represents a 
modular structure that easily allows for introducing new indicators or 
removing obsolete indicators. In the hierarchical aggregation structure, 
sub-elements are aggregated with equal weight unless they have 
different importance for the ecosystem. For instance, the two 
sub-elements macroalgae and angiosperms could be weighted differ-
ently, according to whether the water body is dominated by hard sub-
strate (rocky shores) or soft bottoms (sandy shores). 

The hierarchical structure also offers greater transparency as 
opposed to composite indicators like TRIX. Since the IA is carried out in 
a stepwise manner, the status assessments of all indicators and their 
aggregations in the hierarchical structure are performed and can be 
evaluated. Consequently, the IA does not only inform whether or not 
good ecological status is achieved, it also specifically identifies the in-
dicators responsible for failure to achieve good ecological status by 
going backwards through the transparent hierarchy. From the overall 
assessment, it is clear which BQEs do not reach good ecological status 
and from that one can trace the sub-elements and indicators contrib-
uting to this less favorable status. In contrast, it is more difficult to 
pinpoint the ‘problematic’ indicators with approaches like TRIX, HEAT 
and CHASE. Thus, a hierarchical structure for aggregation also direct 
management responses towards focusing on measures to improve the 
status of those indicators or BQE that show less favorable conditions. 

Finally, the uncertainty of indicators and their propagation are also 
calculated at each step of the aggregation in the hierarchical structure. 
This allows for assessing the confidence of the status assessments from 
the indicator level to the overall IA. Indicators, sub-elements or BQEs 
that contribute with large uncertainty or that are critical to assessing 
whether good ecological status has been achieved (i.e. close to the good- 
moderate boundary) can be identified. Such information is important for 
revising and updating the monitoring program with the aim of 
improving the confidence of the assessment. In fact, we recommend to 
continuously assess the ecological status during the 6-year assessment 
period and improve the monitoring of those BQEs that are at risk of not 
achieving good ecological status, i.e. implementing an adaptive moni-
toring program that focuses on obtaining the most critical information 
for the IA. 

4. Toolbox development 

In Sweden, an online tool (https://waters.p.niva.no) has been 
developed for the ecological assessment of water bodies according to the 
WFD based on the indicator standardization, uncertainty assessment and 
integration presented above. The indicator calculations including un-
certainty assessment were programmed in R, and the user interface was 
developed using “Shiny”, a package for building web applications using 
R. Whereas earlier tools were developed as downloadable applications, 
where the user had to supply indicator values and boundaries (e.g. HEAT 
and NEAT), we acknowledged the need for providing validated routines 
for calculating indicator values and particularly, the uncertainty distri-
bution associated with these. This online tool receives index values (e.g. 
biological indices, integrated values of discrete water samples) from the 
national monitoring databases hosted by the Swedish Agricultural 
University (SLU) for freshwater data and the Swedish Meteorological 
and Hydrological Institute (SMHI) for marine data. These indices are 
stored in an internal database of the tool and used for dynamically 
calculating indicator values using different data selection criteria. The 
indicator calculation follows the Swedish guidelines (Swedish Agency 
for Marine and Water Management, 2019), but it is possible to deselect 
criteria for data minimum requirements. All indicators, for which the 
underlying indices are available, are calculated along with their distri-
butions, but it is also possible to deselect indicators in the aggregation 

schemes in case that indicator is deemed less relevant or highly uncer-
tain. Additionally, the tool allows extrapolation of the status of a specific 
BQE from other water bodies sharing the same type, in cases where there 
is no local monitoring data to support the BQE status assessment. For 
example, if there are no fish indices for a given lake, the status of the fish 
BQE can be optionally chosen as the average of EQRS distributions for 
the fish BQE in other lakes with similar physical characteristics. 
Importantly, all indicator aggregations are carried out on EQRS-trans-
formed indicator value. 

Ecological status of Swedish rivers is based on eight biological in-
dicators for the BQE and five indicators for the SQE that are aggregated 
through a hierarchical scheme, where SQE indicators can downgrade 
ecological status by one class (Fig. 4). The SQE indicators are combined 
with the BQE indicators that are consider sensitive to the given SQE 
indicator. For example, the IPS indicator for benthic diatoms is consid-
ered a sentinel for eutrophication (Kwandrans et al., 1998) and there-
fore, it is combined with the nutrient indicator for Total Phosphorus, 
such that TP can lower the status of the IPS indicator when the TP in-
dicator suggests a poorer status than the IPS indicator. Another indicator 
for benthic diatoms, the ACID indicator, describe changes in the com-
munity that are related to acidification (Andrén and Jarlman, 2008) and 
therefore, it is combined with an indicator for changes in pH that can 
potentially lower the status of the ACID indicator. Since these two in-
dicators respond to two different pressures, they are combined with the 
OOAO-principle for a combined status assessment of the BQE ‘Macro-
phytes and phytobenthos’. The BQE ‘Benthic invertebrates’ is assessed 
using two biological indicators, where ASPT is a general benthic quality 
indicator (Armitage et al., 1983) and DJ is an indicator that is particu-
larly sensitive to low oxygen concentrations (Dahl et al., 2004)) and 
therefore combined with a supporting indicator for oxygen conditions. 
These two indicators for benthic invertebrates are aggregated by aver-
aging. The BQE ‘Fish’ is assessed by a main biological indicator (VIX) 
and modifications of this to indicate responses to acidification, 
morphological and hydrological changes (Beier et al., 2007). The fish 
status is calculated by aggregating the main VIX indicator with the 
relevant pressure-specific VIX indicators. The ecological status of rivers 
is found from the status of the three BQEs using the OOAO-principle. 

Ecological status of Swedish lakes is based on 12 biological in-
dicators for the BQE and five indicators for the SQE in a hierarchical 
scheme like that for rivers (Fig. 5). The BQE ‘Phytoplankton’ has two 
sub-elements (biomass and composition), where the status for phyto-
plankton biomass is found by averaging the EQRS distributions for 
chlorophyll a and actual phytoplankton biomass before combination 
with the PTI indicator (Phillips et al., 2013). The nutrient indicator (TP) 
can potentially lower the status of the phytoplankton BQE. Only one 
biological indicator is used for the BQE ‘Macrophytes’ (TMI) that re-
sponds to eutrophication as pressure, which is assessed using Secchi 
depth as SQE that potentially can lower the status. The status of benthic 
diatoms is assessed as for rivers using the same two biological indicators 
supported by two chemical indicators (Fig. 4) that according to the 
Swedish national guidelines are combined using the OOAO-principle. 
The BQE ‘Benthic invertebrates’ is assessed using the general indicator 
ASPT (Armitage et al., 1983), the eutrophication-sensitive BQI indicator 
(Wiederholm, 1980) combined with oxygen as SQE indicator, and the 
acidification-sensitive MILA indicator (Johnson et al., 2007) combined 
with pH change as SQE indicator. The status of the BQE ‘Fish’ is assessed 
with the general biological indicator EQR8, the eutrophication-specific 
indicator EIndexW3 and the acidification-specific indicator AIndexW5 
(Holmgren et al., 2007), where the two latter indicators can be down-
graded with the TP and pH indicators, respectively. The ecological status 
of lakes is found from the status of the five BQEs using the 
OOAO-principle. 

Ecological status of Swedish coastal waters is based on four biolog-
ical indicators for the BQE and eight indicators for the SQE in a hier-
archical scheme similar to that for rivers and lakes (Fig. 6). Only biomass 
is considered for the BQE ‘Phytoplankton’ and the two indicators for 
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chlorophyll a and phytoplankton biomass are aggregated to the sub- 
element ‘biomass’ and combined with an overall status for nutrient 
conditions that is found by first aggregating inorganic and total nutrients 
for winter and aggregating inorganic nutrients for summer, and then 
aggregating winter and summer nutrient status into a combined nutrient 

status. In Swedish coastal waters, both nitrogen and phosphorus are 
considered important for controlling eutrophication. The BQE ‘Benthic 
vegetation’ is assessed using a multi-species maximum depth index 
(MSMDI), which is supported by Secchi depth as SQE indicator. The BQE 
‘Benthic fauna’ is assessed by the BQI indicator (Rosenberg et al., 2004) 

Fig. 4. Integrated assessment for Swedish rivers. The aggregation scheme is based on BQE indicators (orange) and SQE indicators (gray). SQE indicators can 
potentially downgrade BQE indicators in high or good status by one class level. Ecological status is found by applying the OOAO-principle to the BQEs (blue). 

Fig. 5. Integrated assessment for Swedish lakes. Same information as in Fig. 4.  

Fig. 6. Integrated assessment for Swedish coastal waters. Same information as in Fig. 4.  
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and since the benthic fauna is sensitive to low oxygen conditions, this 
indicator is supported by a SQE indicator for low oxygen conditions. The 
ecological status of coastal waters is found from the status of the three 
BQEs using the OOAO-principle. 

The aggregation scheme uses a generic approach to assess indicator 
values and uncertainties, and the tool only needs to have specified the 
indicator function (f( )) and the link function for the observations (g( )) 
and its inverse (g− 1( )) (Fig. 3) as well as the reference and boundary 
values for the subsequent transformation to the EQRS-scale (Fig. 2). 
These functions are supplemented as a source file in R that is linked with 
the main source. For some indicators, reference and boundary values are 
not constant but given by functions of hydromorphological features or 
other variables and in such cases, these functions also need to be pro-
vided as a source file and configured through parsing a parameter vector 
to the functions. The variance parameters for assessing the indicator 
uncertainty are provided through a configuration file. 

Similarly, the aggregation schemes, here exemplified with the cur-
rent Swedish approach, can easily be adapted to other national guide-
lines, using different sets of indicators and aggregation principles. Such 
adaptation would require access to indices calculated from the databases 
hosting the national monitoring data, a source file with the indicator 
functions, link functions for normalization of the different indices and a 
parameter file with values for RefCond and boundaries as well as vari-
ances for different sources of uncertainty for confidence assessment 
(Carstensen and Lindegarth, 2016). Finally, the aggregation scheme for 
BQE and SQE is simple to modify for other national approaches, not only 
for WFD assessments but also for other directives such as the MSFD and 
EU Bird and Habitat Directive (BHD). The significance of the proposed 
method is the general method of combining indicator distributions 
through the EQRS-transformation. Importantly, the integrated assess-
ment (IA) is based on aggregating distributions rather than values such 
that confidence assessment can be made at all levels of aggregation. 

5. Case Study: Gullmar Fjord 

The Gullmar Fjord on the west coast of Sweden is a true threshold 
fjord with a sill depth around 40 m and maximum depth of 120 m. It 
receives freshwater inputs from a number of smaller rivers mixing with 
the surface water that is dominated by brackish water outflow from the 
Baltic Sea, whilst the bottom water is episodically replenished by denser 
water from the Skagerrak. This creates an almost permanently stratified 
system with infrequent ventilation of the bottom waters that are oxygen 
deficient most of the time. The coastal ecosystem has been well moni-
tored for many years and therefore ideally suited for demonstrating the 
IA tool. In this example, the most recent 6-year assessment period 
(2013–2018) was chosen. The assessment included chlorophyll a and 
phytoplankton biovolume as indicators for phytoplankton and BQI as an 
indicator for benthic fauna. Inorganic and total nitrogen and phosphorus 
(winter and summer) were included as indicators of nutrient status, an 
SQE having the potential to downgrade phytoplankton status. Average 
oxygen concentration in bottom waters and the areal extent of hypoxia 
(defined as <2 ml L− 1) were indicators of the SQE for oxygen conditions, 
potentially downgrading benthic fauna status (Fig. 7). The MSMDI in-
dicator for benthic vegetation was not included. It should be stressed 
that this case exemplifies the integrated assessment tool and does not 
represent an official status classification of the Swedish coastal water 
body. Moreover, the status is assessed by the median of the distributions, 
employing the face-value approach as described in the WFD Common 
Implementation Strategy (CIS, 2003). 

For the 6-year assessment period, 38 observations of phytoplankton 
biovolume, 46 observations of chlorophyll a, and 23 BQI indices were 
used to characterize phytoplankton and benthic fauna BQE (Fig. 7a). 
These biological data were supplemented by 48 and 62 observations of 
summer and winter nutrient concentrations, respectively, as well as 22 
observations of bottom oxygen concentrations and extent of hypoxia 

(data not shown). Distributions for biovolume and chlorophyll a were 
right skewed, suggesting lognormal distribution and hence, used log ( )

as link function, whereas BQI was approximately normally distributed 
and therefore, the identity link function was employed (i.e. no 
transformation). 

Estimated means (− 0.985 for log(biovolume), 0.266 for log(chloro-
phyll a) and 11.84 for BQI) combined with parameterized variances (i.e. 
from the uncertainty library) were used to simulate the sampling dis-
tributions with the link function (Fig. 7b), followed by back- 
transformation using the inverse link function (Fig. 7c). According to 
the Swedish Agency for Marine and Water Management (2019), indi-
vidual observations of biovolume and chlorophyll a (Chla) should be 
EQR-transformed according to Eq. (1) with truncation of values 
exceeding 1. Applying this EQR-transformation yielded distributions 
close to 1 since most observations were close to or even below RefCond 
(Fig. 7d). For BQI, no transformation was employed, and the distribu-
tions of these steps were identical (Fig. 7b–d). 

The simulated sample distributions were aggregated to indicator 
values by a 3-step aggregation over 1) each year and station, 2) each 
year, and 3) period according to the guidelines (Swedish Agency for 
Marine and Water Management, 2019). Performing this aggregation on 
each of the 10,000 Monte Carlo simulations yielded the indicator dis-
tributions (Fig. 7e), with means equal 0.960, 0.909 and 11.84 for EQR 
(biovolume), EQR(Chla) and BQI, respectively. After bias correction, 
indicator means were 0.944, 0.914 and 11.84 for EQR(biovolume), EQR 
(Chla) and BQI, respectively, yielding mean values closer, although not 
identical, to the phytoplankton indicator values calculated from the 
observations/indices (0.919 for EQR(biovolume) and 0.935 for EQR 
(Chla)). Thus, the bias corrections only partly adjust for the difference 
between the indicator calculation based on the observations/indices and 
simulations, due to the non-linear transformations involved in the 
phytoplankton indicator calculations. For BQI, the bias correction was 
almost zero (only small numerical variability), since all data processing 
for the indicator calculation was linear. The distributions of EQR(bio-
volume) and EQR(Chla) were mainly above the boundary between high 
and good status, whereas the BQI indicator distribution was almost 
equally divided between good and moderate status (Fig. 7e). 

The WFD class boundaries are not equidistantly distributed over the 
indicator scale (Fig. 7e), in contrast to applying the EQRS-transformation 
(Fig. 7f). It should be stressed that indicator distributions on the EQRS 
scale are continuous even though they are displayed as discrete. In fact, 
the EQRS-transformation does not change the distribution among status 
classes, i.e. probabilities of the different classes are the same before and 
after the transformation (cf. Fig. 7e versus 7f). Thus, for Gullmar Fjord 
the status of phytoplankton biovolume was high with 100% confidence, 
and the status of chlorophyll a was high with 73% probability, good with 
23% probability, moderate with 3% probability and poor with 1% 
probability. Similarly, BQI was in good or moderate status with 47% and 
53% probabilities, respectively. 

Combining the two phytoplankton indicators (i.e. their EQRS distri-
butions) for the phytoplankton BQE resulted in a status assessment of 
high with 94% probability and good with 6% probability (Fig. 7g). This 
distribution, found by averaging EQRS-values for biovolume and chlo-
rophyll a for each of the 10,000 simulations, represents a compromise 
between the two indicators. Since BQI constitutes a composite index and 
thus the only indicator, no aggregation was done for benthic fauna. 
According to the assessment procedure, the phytoplankton status should 
be compared with the nutrient status, which is primarily good with 80% 
confidence although also with 18% probability of high and 2% proba-
bility of moderate status (Fig. S1). The status for phytoplankton is 
downgraded by one status class from high or good, if the nutrient status 
is lower (Fig. 6). Similarly, the status of benthic fauna can be down-
graded using the EQRS distribution for oxygen (Fig. S2). Employing the 
decision rule to the EQRS distributions for phytoplankton and nutrients 
as well as for EQRS distributions for benthic fauna and oxygen, i.e. for 
each of the 10,000 simulations, resulted in a relatively large shift for 
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Fig. 7. Exemplification of the different steps of calculating indicator distributions (numbers in green circles refer to the steps in Fig. 3), standardization to EQRS-scale 
(Eq. (2)), indicator aggregation, combination with SQE and application of OOAO-principle for IA for the coastal water body Gullmar Fjord in Sweden (cf. Fig. 6). For 
illustrating the different steps, only indicator calculations for phytoplankton and benthic fauna BQE are shown. a) Monitoring observations/indices of biovolume 
(left), chlorophyll a (middle) and BQI (right). b-d) Examples of one Monte Carlo simulation with the same sampling properties as the observations/indices. Simu-
lations are shown with (b) the link transformation g( ), (c) after back-transformation g− 1( ) and (d) applying EQR-transformation associated with the indicator 
function for biovolume and chlorophyll a. For BQI these three distributions are identical since the link function is the identity function. e) The distribution of 10,000 
simulations of the sample distribution after applying the indicator function f( ) without and with the bias correction. Vertical lines mark class boundaries for the five 
status classes. f) Translation of the indicator to the EQRS-scale (cf. Fig. 2). g) Aggregation of indicator EQRS distributions to BQE distribution. h) Combining BQE 
distributions with SQE distributions (SI) for potential downgrading status. i) Application of the OOAO-principle to the two BQE distributions. 
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phytoplankton (from high status with 94% confidence to good status 
with 83% confidence) and a narrow distribution for benthic fauna with 
99% confidence of moderate status (Fig. 7h). Combining these two 
distributions with the OOAO-principle yielded an overall moderate 
status with 99% confidence (Fig. 7i). The status of benthic fauna 
assessed through BQI was responsible for the failure to achieve good 
ecological status, which points to unfavorable oxygen conditions in the 
water column and surface sediments due to eutrophication as the main 
cause. This example demonstrates how indicators and indicator aggre-
gations are calculated based on a probabilistic framework by combining 
distributions from the bottom of the hierarchy to the overall assessment, 
and how this integrated assessment can be used to identify the most 
relevant cause and pressure by going backwards through the hierarchy 
of aggregation rules. 

6. Conclusions 

IA tools are needed for assessing compliance with ecological targets 
and such tools should deliver the best possible support for decision 
makers. We propose an approach for integrating information from 
multiple and diverse indicators through an aggregation scheme that can 
be customized to relevant policies and demonstrate its applicability for 
assessing ecological status according to the WFD in Sweden. These IA 
tools should be transparent, allowing to identify the specific indicator(s) 
failing to achieve ecological objectives and the most important pressure 
(s) responsible. We argue that such decision support tools should be 
developed as online applications with direct access to monitoring da-
tabases to ensure consistency in the calculations, allowing all stake-
holders to derive identical results in a transparent manner. Furthermore, 
we emphasize the ability to assess the confidence of such IA through a 
probabilistic framework based on indicator distributions rather than 
indicator values. However, given that the confidence of the IA tool relies 
on monitoring data from complex ecosystems, any ecological status 
assessment should be supervised ensuring that input data are reliable 
and chosen indicators are relevant. Consequently, such an IA tool must 
be flexible and deliver input to the decision – not the decision itself. 
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